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Hydrogeological Modeling to Improve Remediation Strategies for 
a Drinking Water Aquifer Contaminated by an Aqueous Phase 
Liquid 
Abstract 
In many communities, groundwater is an important source of drinking water. 
Groundwater aquifers are, however, vulnerable to the widespread and increasing 
problem of contamination from anthropogenic sources. Once in the groundwater, 
contaminants are likely to remain there for a long time as the attenuation rate is 
slow. In this thesis, different tools for modeling subsurface transport were adapted 
and evaluated in order to improve remediation strategies for a contaminated esker 
aquifer. The work focuses on the entire transport process at a regional scale from 
the source at the soil surface, through the vadose zone, and in groundwater. Few 
comparable studies exist, especially for aquifer systems in glaciofluvial sediments. 
The studied aquifer supplies drinking water to the municipality of Umeå, which is a 
medium-sized city in northern Sweden. The aquifer is contaminated by the 
commonly found pesticide degradation product 2,6-dichlorobenzoamide (BAM). 
Hydrogeological and chemical field data were collected, and the contaminant 
migration analyzed by a stationary non-distributed model and a transient distributed 
model. To remediate the aquifer so that it meets the drinking water standard, it was 
necessary to combine extraction at two up-gradient wells, with an increased rate of 
artificial recharge via two infiltration ponds. Using only one of the techniques 
would either affect the water balance negatively, or would increase the risk of 
clogging the infiltrating surface. However, in order to reinstate the two up-gradient 
wells as producers of drinking water as soon as possible, it was necessary to establish 
the remediation wells in close proximity to the contaminant source. When the data 
quality is insufficient the simple mass-balance model was found to be most useful, 
since it reflects the uncertainty of the result. However, if it is essential for the 
contaminant transport to be calculated more accurately, a distributed model is 
required. To strengthen the credibility of such a model, it should be validated with 
independent data from various sources: in this study it was stable isotope oxygen-18 
data, data on the BAM contamination, and time-variant hydraulic head data. The 
overall findings are expected to be relevant to many other sites in similar settings. 
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1  Introduction 
1.1  Contamination of drinking water aquifers 
Groundwater is a valuable supply of drinking water in many societies. 
However, throughout the world, an increasing number of aquifers are being 
contaminated by chemicals from anthropogenic sources. Pesticides and their 
degradation products are among the most commonly reported contaminants 
in Europe (Pavlis et al., 2010; Leistra & Boesten, 1989) and the US (Barbash 
et al., 2001; Kolpin et al., 1998). In Sweden there are about 1900 municipal 
drinking water plants that draw their supplies from natural or artificial 
groundwater. During a national monitoring program, about 30  % of the 
groundwater supplies investigated between 2005 and 2009 were noted to be 
contaminated with pesticides (CKB, 2009; Törnquist et al., 2007), at levels 
that exceed both the Swedish and the European standards (0.1µg l
-1) for 
drinking water quality (EU, 2006). Similar levels of contamination have been 
reported in many countries (Pukkila et al., 2009; Morvan et al., 2006; 
Clausen et al., 2004; Versteegh & te Biesebeek, 2003; Wolter et al., 2001). 
In Sweden, BAM (2,6-dichlorobenzoamide) has been found to be the most 
common contaminant, reported in 60 % of the contaminated groundwater 
supplies.  BAM is a hydrophilic degradation product of  the herbicide 
dichlobenil (2,6-dichlorobenzonitrile) and is highly persistent in soil (Cox, 
1997). 
The greatest concern regarding human exposure to pesticides is their 
presence in water (Younes & Galal-Gorchev, 2000). Decades may have 
passed since the use of some of these substances ceased, but they can 
continue to leach from soils to groundwater due to their low degradation 
rates and sorption to fine soil particles, organic matter, and minerals. Once   10 
in the groundwater, pesticides and their degradation products are likely to 
remain there as the attenuation rate is slow (Pavlis et al., 2010). 
1.2  Evaluation and measures of contaminated sites 
In general, potentially contaminated sites are identified and classified with 
risk assessments. Although methods of analyzing risks associated with 
contaminated soils vary among countries, generic guidelines have been 
developed by the various environmental authorities (Crommentuijn et al., 
2000a; Crommentuijn et al., 2000b; CCME, 1996; SEPA, 1996; USEPA, 
1996). These guidelines indicate contaminant concentrations that may lead 
to undesirable effects on human health or the environment. If a site is 
classified as being a ‘high’ or ‘very high’ risk, further investigations are 
necessary. In soil and groundwater, such classifications often presuppose 
suitable conditions for dispersal, which is the common status of groundwater 
aquifers supplying drinking water. Risk classifications are, however, often 
based on rough estimates and can therefore be uncertain. For example, due 
to heterogeneous geology the actual rate of contaminant movement in soil 
and groundwater can vary from its estimated rate by several orders of 
magnitude. 
For the remediation of contaminated sites there are two main strategies: i) 
to hinder, modify or remove the migration of the contaminant from the 
source to the environment (Albergaria et al., 2006; Chang & Yen, 2006; 
Rugner et al., 2006; Seol et al., 2003); or ii) to protect the recipients from 
contamination by filters, barriers or pumping (Chang et al., 2010; 
Thiruverikatachari et al., 2008; Chang et al., 2007). New techniques are 
continuously being developed to manipulate the contaminant source, but 
the latter strategy may be necessary for non-point sources as well as for 
contaminant plumes that have migrated long distances in the subsurface. 
When groundwater is used as a supply of drinking water, the management 
of an artificial aquifer recharge has also proven to be successful in meeting 
the standards for drinking water quality (Szucs et al., 2009; Hiscock & 
Grischek, 2002). However, because of the heterogeneous conditions of the 
subsurface and the contaminants’ adherence to soil particles, there are 
arguments that once an aquifer has been contaminated it is difficult, if not 
impossible, to restore it to its original state (Travis & Doty, 1990).   11 
1.3  Modeling approaches 
The large number of contaminated groundwater supplies highlights the need 
for tools to evaluate the subsurface processes controlling contaminant 
transport. In the evaluation of contaminated sites it is not uncommon that 
the depth of the vadose zone is not specifically represented, and that the 
permeability of the whole aquifer is represented by a single hydraulic 
conductivity value (SEPA, 1996). In order to improve the evaluation and 
prediction of contaminant movement, and provide decision support for 
remediation strategies, it is essential that contaminant transport is calculated 
in more detail. Specifically, it is crucial that the transit time from the source 
to sensitive recipients is determined more precisely, and that the 
concentration of contaminant by the time it reaches the recipients is 
predicted more accurately.  
Because the governing equations for subsurface flow and mass transport 
are partial differential equations (PDE), it is necessary to define appropriate 
boundary conditions. A direct analytical solution is only possible for domains 
of simple geometric shape or for homogeneous media (Strack, 1999). Instead 
of trying to solve the PDE, one alternative option is to use a simple non-
distributed mass-balance approach, based on the contaminant mass and the 
water balance, to calculate the dilution of contaminant leakage into the 
aquifer (USEPA, 1996). However, the usual method is to use a distributed 
model, in which the study area is subdivided into small, finite, calculation 
cells, and to replace the PDE by approximate, algebraic functions. The main 
numerical approaches used in practice are the finite-difference method 
(FDM) and the finite-element method (FEM). However, FEM has not been 
used frequently in earlier groundwater modeling exercises, probably because 
it is more demanding of computing power.   
Subsurface water flow is normally independent of the contaminant being 
transported. The exception is when the concentration of contaminants 
affects the water density and hence the water flow. For water soluble, 
moderately concentrated contaminants, this means that there is no 
requirement to solve the flow and transport equations simultaneously 
(Domenico & Schwartz, 1998). Therefore, a common model approach is 
first to calculate the velocity field, and second to calculate the mass transport 
(Fig. 1). This approach also has the advantage that it can generate stable, 
converging solutions of the flow field, and that it is possible to include more 
sophisticated geochemical models. 
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Figure 1. The usual relationship between flow and mass transport models in simulating the 
distribution of contaminants. 
Groundwater flow is a simplified case of flow in the vadose zone. It is 
therefore common to use different modeling approaches, each optimized for 
each of the zones. Several authors have proposed coupled models for 
transport in the vadose and groundwater zones (Weill et al., 2009; Panday & 
Huyakorn, 2008; Twarakavi et al., 2008; Herbst et al., 2005), but models 
also exist that operate for both zones simultaneously (Hughes & Liu, 2008; 
Trefry & Muffels, 2007).  
In general, distributed numerical models vary in complexity and the most 
comprehensive ones take into account the heterogeneity of the modeled 
environment. Their practical application is, however, often hindered 
because there is insufficient data that justify their complexity (Hantush et al., 
2000). Nevertheless, at specific sites with adequate field data, it is often 
appropriate to perform more detailed calculations through simulations in a 
distributed numerical model (Prommer et al., 2000). Other options include 
Monte Carlo simulations based on parameter distribution functions (Soutter 
& Musy, 1998), the closely related fuzzy-set theory (Zhang et al., 2009; Li et 
al., 2007), and other methods that have been suggested as being more 
specifically capable of handling prediction uncertainty (Li et al., 2003; Wong 
& Yeh, 2002).  
Depending on the extent to which a site-specific model has been 
validated, it can be used to predict the behavior of contaminants over 
reasonably long time-scales and under a variety of conditions (Hassan, 2004). 
To support the model validation it is necessary to have independent data. 
Since there are an infinite number of non-unique solutions to the 
groundwater flow and transport problem at the starting point, it is beneficial 
to be able to use a range of different types of data for validation purposes. 
Commonly used validation data include hydraulic heads and flow data, 
although other types of input may also be used – for example contamination 
 
Input 
Input  Flow model  Output 
Mass transport 
model 
Output 
Velocity   13 
data, temperature, and isotopes such as those pertaining to the stable isotopes 
hydrogen-2 (deuterium) and oxygen-18 in water. However, there are only 
few examples in the literature where stable isotope data have been used to 
validate groundwater-flow models (Stichler et al., 2008; Hunt et al., 2005; 
Krabbenhoft et al., 1990). Still fewer of these models have also been 
validated with data on groundwater contamination. Nevertheless, the 
combination of independent data types would improve the site-specific 
knowledge of flows and contaminant movements. 
Many studies have related hydrogeological models to the remediation of 
contaminated sites. Several authors have either considered contaminant 
transport in groundwater at a regional scale (Szucs et al., 2009; Maqsood et 
al., 2005; Zhou et al., 2004; Schäfer & Therrien, 1995) or if both the vadose 
and groundwater zones have been included (Stenemo et al., 2005; Jorgensen 
et al., 2004), the studies have been carried out at a local scale. Few studies 
have been performed at a regional scale that cover the entire transport 
process from contamination at the soil surface, through subsurface transport, 
to the planning of remediation strategies. Still fewer studies have modeled 
the subsurface transport processes in glaciofluvial esker aquifers, which are 
generally extensive in both depth and range. Those existing studies have 
commonly only considered the groundwater zone (Eyles & Meriano, 2010; 
Sudicky et al., 2010; Ross et al., 2005; Artimo, 2002). The lack of models 
for eskers at this scale is problematic since many of the most important 
groundwater resources in recently glaciated regions of the world are situated 
in such settings. 
The numerical problem for predicting contaminant transport in the 
vadose zone and in groundwater often becomes extremely demanding of 
computational power. A review of the literature shows that there has been 
an increasing tendency for the numerical problems to be solved on networks 
of computers, which are not publically available. One example is a study on 
the effectiveness of aquifer remediation (Maxwell et al., 2008), in which the 
numerical problem was solved on a network of 200 processors. Another fact 
that emerges from the literature is that synthetic examples dominate and, if 
field sites with real data are considered, the use of hypothetical contaminants 
is common (Maji & Sudicky, 2008; Maxwell et al., 2008; Rauber et al., 
1998). Many studies function merely as demonstrators for specific numerical 
methods, simulators, or various remediation techniques. An important 
research challenge is therefore to focus more broadly on integrating 
appropriate methodological developments with the realities of field 
observations at specific sites to help solve real problems of the subsurface 
environment (Gelhar, 1997).   14 
1.4  Objective 
The objective of the work presented in this thesis was to adapt and evaluate 
different modeling tools for subsurface transport using empirical 
hydrogeological and chemical field data collected from a contaminated site, 
and to use the results to plan remediation strategies. For its general 
usefulness, there was a requirement that any model should be capable of 
being run on a standard personal computer. To this end, different tools were 
applied to model the contamination by an aqueous phase liquid, of the 
groundwater aquifer supplying the municipal drinking water utility in 
Umeå, which is a city in northern Sweden with a population of 115 000.    15 
2  Materials and methods 
2.1  Subsurface flow and transport processes 
2.1.1  Vadose zone 
Subsurface flow at a certain head gradient is determined by the density, 
viscosity and compressibility of the liquid, and by the water content, 
permeability and compressibility of the porous media. If water is assumed to 
be the only liquid and incompressible, which implies constant density, we 
get an equation, often referred to as the Richards equation, which relates 
transient flow and water content. For simplicity, only vertical flow is 
assumed: 
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where θ is the volumetric water content; t is time; z is the spatial coordinate 
(positive upward); K is the unsaturated hydraulic conductivity;  is the 
pressure head; and qs is a sink term.  
Flow in the vadose zone is driven by gravity and the three-dimensional 
gradient of soil-water potential. Surface runoff may occur, depending on the 
structure, texture and slope of the soil surface. If there are tilting layers with 
different hydraulic conductivities under the soil surface, lateral flow in the 
vadose zone may also occur.  
Various empirical methods exist to describe the relation between water 
content, pressure head and unsaturated hydraulic conductivity. The van 
Genuchten-Mualem model is one of the most frequently used (van 
Genuchten, 1980):   16 
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where α and N are empirical parameters describing the characteristic pore 
size and the tortuousness of the soil matrix, respectively; Ks and θs is the 
saturated hydraulic conductivity and water content, respectively; and θr is 
the residual water content. 
A requirement for Eqs. 1 and 2 is that the soil matrix must be represented 
by a continuum, which has replaced all pores and particles. However, flow 
at the micro scale is important for contaminant transport and the process 
refers to mechanical dispersion. Another process with similar effect is 
molecular diffusion, in which transport is caused by concentration gradients. 
Molecular diffusion is important at low flow velocities. Together, these two 
processes represent hydrodynamic dispersion, which has a corresponding 
importance for contaminant transport, as does hydraulic conductivity for 
flow. In the one-dimensional case, the so-called advection-dispersion 
equation is: 
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where c is the contaminant concentration; D is the effective hydrodynamic 
dispersion coefficient; and vz is the flow velocity. 
The mobility of contaminants is also affected by sorption to organic 
matter, clay colloids, and minerals. If sorption is added to Eq. 3 it becomes: 
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where ρb is the bulk density, and S is the quantity of mass sorbed onto soil 
particles.  
Sorption can be described in various ways by linear as well as non-linear 
models. Assuming chemical equilibrium a generalized form of the adsorption 
isotherm is: 

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1
,                              ( E q .   5 )  
where Kd is the partitioning coefficient of sorbed to solution contaminant 
concentration; and β and η are empirical coefficients to describe the sorption 
capacity.  
When β = 1 Eq. 5 transforms to the Langmuir isotherm, which behaves 
linearly at low concentrations but approaches a constant value at high 
concentrations. When η = 0 it transforms to the Freundlich isotherm, which 
becomes linear if β  = 1. Sorption of organic compounds is commonly 
related to the amount of organic carbon: 
oc oc d f K K  ,                              ( E q .   6 )  
where  Koc  is the sorption coefficient of soil organic carbon and foc is the 
weight fraction of organic carbon.  
To consider sources and sinks Eq. 4 expands to: 
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where Zk represents all kinds of mass sources and sinks.  
Important sinks are vaporization, acid-base reactions, redox reactions, 
cation exchange, and microbiologically mediated reactions. Saripalli et al. 
(2001) present an overview of how various chemical reactions may affect 
hydrogeological properties.  
The simplest way to describe degradation is through the first-order 
kinetics, which is frequently applied to radioactive decay and the 
microbiological degradation of organic substances: 
c
t
c
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,                              ( E q .   8 )  
where µ is a first-order rate constant.  
Contaminant transport is also influenced by diffusion from dead-end 
pores holding immobile water. That is, the effective water content that   18 
conducts the contaminant is less than the volumetric water content of the 
soil, θ. This means that a breakthrough of the contaminant concentration 
fades later than might otherwise be expected from the advection-dispersion 
equation (Eq. 3). Equation 3 can, however, be adjusted by partitioning the 
water into mobile and immobile phases.  
Another process is the formation of macropores by plant roots, animal 
burrows, shrinkage fissures, heavy rainfall, or by the erosive action of 
subsurface flows. Depending on the texture and structure of the soil, 
macropores may persist between wetting periods. The macropores may 
cause preferential flow, which is a fast flow that does not conform to those 
common soil hydraulic properties described in Eq. 2. The importance of 
preferential flow is determined by the texture and structure of the soil. 
Sandy soils are often considered the most vulnerable to contaminant 
leaching because of their high saturated hydraulic conductivity. However, 
sandy soils are unstructured, which means that macropores are unstable, and 
that matrix flow dominates. More fine-grained soils, such as silt, clay and till 
soils, have lower saturated hydraulic conductivity values, but they are 
structured and have a high tendency for flow to occur in macropores 
(Kordel et al., 2008). Structured soils are likely to generate higher peaks of 
contaminant losses because of preferential flow (Brown et al., 2000). Since 
matrix flow is dominant in sandy soils, the breakthrough curve becomes 
broader, indicating that contamination can feed into groundwater over very 
long periods. Thus, even if the peak concentrations from the vadose zone 
are reduced in sandy soils, the exposure time to groundwater is expected to 
be long. This stresses the need for adopting different approaches when 
dealing with soils with diverse properties. 
2.1.2  Groundwater 
In groundwater, Eq. 1 is simplified because saturation is 100 %. In three 
dimensions it turns into: 
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where Ss is the specific storativity. In stationary models the left-hand side of 
Eq. 9 equals zero. 
The advection-dispersion equation (Eq. 3) remains the same except that 
the dispersion term becomes unaffected by the water content, which is 
constant. The water content in groundwater that affects transport can be 
referred to as the kinematic porosity or effective porosity, which is less than 
the total porosity. To consider sorption, and sources and sinks of   19 
contaminants in groundwater, the one-dimensional equation, corresponding 
to Eq. (7), is: 
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where pk is the kinematic porosity and Rn represents all kinds of mass sources 
and sinks. Important sinks in groundwater are acid-base reactions, 
dissolution of salts, redox reactions, cation exchange and pumping rates at 
extraction wells.  
2.2  Site description and sampling 
Initially, several contaminated sites in northern Sweden were evaluated in 
the search for a site where it would be possible to study a contaminant in 
field over a long time-period. A former tree nursery at Piparböle was 
identified as being the most suitable site. Pesticides had been used for a 
considerable time causing significant contamination, and the Piparböle site 
was classified as being a high level dispersal risk according to the Swedish 
methodology of surveying contaminated sites (SEPA, 2002). The site is 
located close to the drinking water aquifer of the municipality of Umeå, a 
medium-sized city in northern Sweden (Fig. 2). The use of the aquifer to 
supply drinking water explains why many investigations have been carried 
out in the area since the 1950s. Many of these studies had a hydrogeological, 
geological or geophysical focus, which provide useful data. The proximity of 
the site to the drinking water utility, supplying the majority of the 115 000 
inhabitants in Umeå, also made the site interesting from a socio-economic 
point of view, although the latter aspect was not studied. 
Piparböle was active as forest-plant nursery cultivating mainly spruce and 
pine seedlings between 1956 and 2002. At the main field, which covers 
12 ha, several kinds of pesticides were used to kill unwanted weeds, vermin 
and fungi. Among the pesticides used, DDT and Totex are the most 
important. DDT applied during the 1960s to kill pine weevil has been found 
in the topsoil in concentrations exceeding 20 mg kg
-1. In 2003, this led to an 
excavation of approximately 0.2 m of the topsoil in the entire 12 ha area. 
Totex consists of equal amounts of dichlobenil and 2-chloro-4-
(ethylamino)-6-(isopropylamino)-s-triazine (atrazine) and was used to kill 
unwanted weeds between the late 1970s until it was banned in 1991. 
Atrazine degrades to several compounds, many of which have been found in 
the groundwater. Dichlobenil degrades to the highly water-soluble substance   20 
BAM (Fig. 3). Various chemical properties of dichlobenil, BAM, atrazine and 
DDT are summarized in Table 1.  
Table 1. Chemical properties of the pesticides dichlobenil, BAM (degradation product of dichlobenil), 
atrazine, and DDT, which had been used at the nursery. The water solubility, the sorption coefficient of 
soil organic carbon, Koc, and the half-life of degradation, T1/2, are taken from Hornsby et al. (1996). 
Substance  Solubility (mg l
-1) Koc (l kg
-1) T1/2 (days) 
Dichlobenil 21  400  60 
BAM  11000 33  660 
Atrazine 33  100  60 
DDT  0.0055 2000000  2000 
In this study only dichlobenil and its degradation product, BAM, were 
considered since there is much concern regarding BAM due to its high 
mobility. The concentration of BAM has exceeded the European drinking 
water standard for pesticides (0.1 µg l
-1) in the two extraction wells at Kulla, 
and in six out of the twenty extraction wells located at Forslunda (Fig. 2). In 
the Kulla wells, groundwater measurements began in 1998 and, since then, 
BAM has been found at concentrations up to 22 times greater than the 
drinking water standard. In the six most easterly wells at Forslunda, BAM 
analyses started in 2005 and show that the standard have been exceeded by 
up to four times. The nursery situated in Piparböle has been identified as the 
source of the contamination.  
Records from the nursery suggest that Totex was initially applied during 
the transition from growing bare-rooted seedlings on open land, to their 
production in small containers on open land. The transition between these 
production methods began during the 1970s and the records suggest that the 
first application of Totex occurred in 1976. Totex was mainly applied as a 
granular formulation along the length of plant beds, and at the short ends, 
where the irrigation system was located. The area over which the weed-
killer was applied has been estimated from historical aerial photographs to be 
4 % of the total nursery area. Since the soil has been repeatedly mixed over 
the years, it is probable that the remains of the herbicide have been spread 
over an even larger part of the area. According to the manufacturers of 
Totex, the recommended application rate would have varied between 
0.16 and 1.7 g m
-2.   21 
 
Figure 2. Location of the site within Sweden and map showing location of the nursery site 
(lat. 6383’N, long. 2026’E), extraction wells, remediation wells, observation wells, and 
boundaries of the distributed models. Arrows show the direction of groundwater flow, and 
visible are contour lines of the ground surface (20 m in the south), lakes, streams, the extent 
of esker material beneath the groundwater table, and infiltration ponds used for artificial 
recharge of the aquifer. 
Figure 3. Structural formula of dichlo-
benil (2,6-dichlorobenzonitrile) with 
its degradation product BAM (2,6-
dichlorobenzoamide). The hydrolysis 
is primarily a microbiologically 
mediated process.   22 
The soil at the nursery is about 10 m deep and consists of well-sorted, 
littoral sand with almost no structure due to the coarse grain distribution. 
The general direction of groundwater movement from the nursery is 
southwards. Soil sampling of the vadose zone was performed in 2003 and 
2009. The soil surface was screened for dichlobenil and BAM at six points at 
the site, from which samples were collected every 40 to 50 cm, down to a 
depth of 5 to 10 m. When analyzed, the samples showed that dichlobenil 
and BAM were spread over the total nursery area and that both compounds 
do move downwards. The concentrations of total organic carbon were low 
in the soil (mean 2.6 g kg
-1, standard deviation 1.2 g kg
-1) as well as in the 
pore water (mean 4.1 mg l
-1, standard deviation 0.8 mg l
-1). The analysis of 
soil texture showed that 70 to 94 % of the soil down to a depth of 1.7 m 
was classified as medium sand or coarser. At most, 21 % of the soil at a depth 
of 4.2 m was classified as medium silt or finer, 3 % of which was clay 
(Table  2). The soil water content was first analyzed by the oven-drying 
method, and then measured on several occasions with a depth moisture 
probe (Nucletronics Aps, Borre, Denmark) at every 0.2 m-depth (mean 
water content between 4.5 and 24.1 %, depending on depth). 
The nearby esker Vindelälvsåsen, which consists of glaciofluvial sand and 
gravel, is partly covered by thin layers of silt and clay, especially along the 
sides. Layers of silt and clay also underlie the lakes Piparbölesjön and 
Kullasjön (Fig. 2), which causes the groundwater head at the southern end 
of Kullasjön to be 27 to 28 m below the surface water head. However, the 
esker is also partly located beneath the silty and clayey beds of the lakes. 
Kullasjön has an outlet in the south, which is the stream Kullabäcken. The 
latter together with the streams Marsbäcken and Klockarbäcken (Fig. 2), leak 
a significant amount of surface water to the underlying esker along parts of 
their courses. Tests with salt injections have estimated the mean leakage 
from Kullabäcken to be 11 l s
-1, which is 7 % of the mean discharge rate.  
The two northerly extraction wells are located in an area where the esker 
is about 50 m deep and 600 m wide. The shape of the esker is less 
pronounced at the well chain where the esker is about half as deep but twice 
as wide. The esker contains large quantities of groundwater and provides the 
main part of the municipality’s drinking water. However, the equivalent of 
about 60 % of the total volume of water extracted annually is infiltrated via 
two ponds. The surface water for infiltration is pumped from the nearby 
river Umeälven. In total the extraction wells supply the municipality’s 
drinking water utility at an annual mean rate of 280 l s
-1. As a matter of 
interest, some events during the history of the municipality’s water supply 
are summarized in Table 3.   23 
Table 2. Analyzed soil textures sampled at the nursery given as percentages by weight.  
Fine 
gravel 
Coarse 
sand 
Medium 
sand 
Fine 
sand 
Coarse 
silt 
Medium 
silt 
Fine silt  Clay  Depth 
[m] 
2-6 mm  0.6-2 
mm 
0.2-0.6 
mm 
0.06-0.2 
mm 
0.02-
0.06 mm 
0.006-
0.02 mm 
0.002-
0.006 mm 
<0.002 
mm 
0.1  1  16  73  8  2     
0.2  1  16  73  8  2     
0.3    39  55  5  1     
0.4  2  36  51  9  2     
0.5  2  21  59  16  2     
0.7  3  37  42  16  2     
0.9  4  23  43  28  2     
1.2  6  17  57  17  3     
1.7  1  10  60  26  3     
2.6     4  58  32  6     
3.3      5  54  31  7 3  
4.2     7  47  25  11  7  3 
5.0     13  55  22  10     
6.2     2  54  24  13  5  2 
7.0     8  71  16  5     
7.3      21  55  14  7 3  
7.6     11  50  23  12  4   
8.2      30  66  4     
8.6     6  50  25  13  5  1 
9.2    13  37  34  9  5 2  
9.25  3  29  54  12  2     
9.3  8  55  31  6       
9.4  3  37  46  12  2     
10.0   10  34  35  13  8     
In the vicinity of the studied area there are 142 observation wells in total 
(Fig. 2). The hydraulic groundwater head was monitored continuously from 
2003. The general direction of groundwater movement is shown in Fig. 2. 
All extraction wells and 58 of the observation wells were used for BAM 
sampling. The general plume of BAM contamination is shown in Fig. 4.   24 
Table 3. Historical events relevant to the supply of drinking water to the municipality. 
Year Event 
1898  Water was pumped from the lake Nydalasjön 
1913  Water was pumped from an extraction well established close to the lake 
Piparbölesjön. It was located about 1.5 km north of the Kulla extraction wells.  
1954  The extraction wells and the water utility of Forslunda were established 
1969  Infiltration of river water via ponds began 
1975  The extraction well at Piparbölesjön was closed 
1976  The extraction wells at Kulla were established and were planned as a reserve 
water supply. However, the water quality proved to be so good that they were 
continuously used as a water supply. 
1981  The extraction wells at Kulla were closed and set aside as a reserve water supply 
1988  The extraction wells at Kulla were opened again and were continuously used as a 
water supply 
2007   The extraction wells at Kulla were stopped for water production and used instead 
as remediation wells for the BAM contamination 
 
 
 
 
 
 
 
 
 
 
Figure 4. The general picture of the BAM 
contamination based on samples from 
observation wells and extraction wells. 
The west plume has less BAM 
concentration than the main plume.   25 
2.3  Modeling approaches (Papers I-IV) 
In the enclosed papers different modeling tools of varying complexity were 
used to calculate flow and transport in the vadose and groundwater zones 
(Table 4 and Figs. 5 and 6). The study area was progressively widened until 
it finally covered about 2 km × 5 km and extended from the nursery in 
north to the well chain in south (Fig. 2). Since the field studies proceeded 
over a long time-period, different amounts of data were available for each of 
the models. In particular, the amount of BAM data increased, although the 
fundamental data that were used to develop the conceptual models remained 
the same. 
Table 4. Overview of the modeled areas and the models used to simulate subsurface water flow and 
mass transport in the enclosed papers. ‘Mass-balance’ corresponds to a simple mass-balance model used 
with Monte-Carlo simulations, and HYDRUS-1D, MODFLOW, MT3DMS and FEFLOW are all 
distributed models. 
Vadose zone model Groundwater  model Modeled  area   
Water flow, mass transport  Water flow  Mass transport   
Paper I  Mass-balance  Mass-balance Mass-balance  Piparböle-Kulla 
Paper II  HYDRUS-1D  - -  Piparböle 
Paper III  HYDRUS-1D MODFLOW  MT3DMS  Piparböle-Kulla 
Paper IV  HYDRUS-1D FEFLOW  FEFLOW  Piparböle-Forslunda 
 
2.3.1  Simple mass-balance model (Paper I) 
The objective of this study was to estimate the contaminant transport 
through the soil and in groundwater flowing from the nursery in Piparböle 
to the extraction wells at Kulla (Fig. 2), using a stationary, non-distributed 
mass-balance model. The Monte-Carlo simulation technique was used to 
quantify the uncertainty of the results and to evaluate the sensitivity of the 
parameters that were used. 
To correspond with the analysis of soil textures (Table 2), the vadose 
zone was divided into two appropriate texture classes. A simplified piston-
flow model was applied, implying that the infiltration rate (I) and the total 
amount of water in the profile were constant: 
t
d
I

 ,                                 ( E q .   1 1 )  
where θ is the volumetric water content; d is the depth to groundwater; and 
t is time.    26 
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Figure 5. Empirical data and simulated processes as applied in Paper I. 
 
Dispersion (Eq. 3) was not directly modeled, but indirectly represented by 
the use of Monte-Carlo simulations to calculate contaminant transport 
within a range of values to give various outcomes. 
The linear Freundlich isotherm was applied for sorption (Eq. 5). For 
simplicity, degradation was neglected since under field conditions the half-
lives are known to be of the order of many years (Clausen et al., 2002). To 
estimate the BAM concentration of the soil pore water, the fugacity approach 
was used (Mackay, 1991), that is, the soil pore water concentration was 
calculated from the total concentration in the soil, assuming it to be 
inversely related to advection, sorption and volatilization.   27 
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Figure 6. Empirical data and simulated processes as applied in Papers II, III and IV. Note that 
Paper II only was used to model the vadose zone, whereas the other papers also included the 
groundwater zone. The geographical scale in Papers III and IV were different. Whereas 
Paper III included the area down to Kulla, Paper IV encompassed the entire area to the 
extraction wells shown in Fig. 2. The *) indicates that the modeling procedure in Paper II 
were modified before it was applied in Papers III and IV. 
The hydraulic conductivity in groundwater (Eq. 9) was calculated by balan-
cing areal recharge and outflow using Darcy’s law at five cross-sections along 
the flow direction between the nursery and the extraction wells at Kulla: 
i
i i i i dL
dh
K w h IA 




  ,                           ( E q .   1 2 )  
where I is the infiltration rate; and at cross-section i, A is the catchment area; 
h is the thickness of the aquifer; w is the width of the aquifer; K is the   28 
hydraulic conductivity; and dh/dL is the hydraulic gradient along the flow 
direction L. The mean value of runoff data from the small, nearby catch-
ment of the river Sävar was used to estimate the infiltration rate, I. For each 
cross-section the catchment area, A, was defined by groundwater 
measurements and the elevation of ground surface. The thickness of the 
aquifer, h, at the cross-sections was derived from the evaluation of borehole 
data and from ground-penetrating radar measurements. The resulting K-
values varied between 1.0×10
-4 m s
-1 and 4.7×10
-4 m s
-1. 
Dispersion in groundwater (Eq. 10) was assumed to be proportional to 
the length scale, that is, the distance between the nursery and the 
contaminated extraction wells at Kulla. To calculate the concentrations at 
the extraction wells a dilution-factor method (USEPA, 1996) was used. This 
method accounted for dispersion, aquifer thickness, infiltration rate, the 
source’s width and length, the distance to the extraction well, and dilution 
due to regional groundwater flow, which was estimated from the results of 
two pumping tests. 
The following is to clarify the procedure used in Paper I: i) For 
calculation of transit times in groundwater the length of the contaminated 
area, L, and the distance from the source to the extraction wells, X, were 
used. Unfortunately, these symbols were mixed up in the definition of the 
equation (Eq. 4 in Paper I). ii) In Paper I there is a map (Fig. 1 in Paper I), 
which shows a water divide at the east side of the Piparböle lake. From 
ground-penetrating radar measurements it has been found that the lake is 
underlain by layers of silt and clay and the water divide corresponds to the 
upper aquifer, i.e. there is shallow groundwater flowing into the Northern 
part of the lake Piparbölesjön. However, the direction of groundwater flow 
shown in Fig. 2 corresponds to the lower aquifer, i.e. there is groundwater 
flowing in the about 30 m thick esker underlying the low-permeable 
bottom of the lake. 
2.3.2  Vadose zone modeling at soil profile scale (Paper II) 
The purpose of this work was to simulate the transport of dichlobenil and 
BAM in the vadose zone of the nursery at soil profile scale. To this end, the 
physical and chemical results gathered from the 10 m deep soil sampling 
performed in 2003 were used.  
The finite-element model HYDRUS-1D (Šimůnek et al., 1998) was used 
to simulate vertical, unsaturated water flow and transport of dichlobenil and 
BAM. HYDRUS-1D is a one-dimensional model which accounts for a variety 
of processes, including soil-water flow, immobile water, macropore flow, 
solute transport, heat transport, sorption, degradation, volatilization, crop   29 
uptake and surface runoff. The program numerically solves the Richards 
equations for variably saturated water-flow (Eq. 1) and advection-dispersion 
type equations for solute transport (Eq. 7). In a review by Köhne et al. 
(2009) it was concluded that HYDRUS-1D was one of three leading model 
systems for simulating pesticide transport in structured field soils.  
Based on the soil sampling, the model profile was discretized into 
uniformly spaced elements in which the flow and transport equations were 
solved algebraically. To correspond with the analysis of soil textures 
(Table 2), the vadose zone was divided into ten appropriate texture classes. 
Based on the soil sampling, the van Genuchten-Mualem model (Eq. 2) was 
applied to describe the soil hydraulic properties, which were assumed to be 
unaffected by temperature. Daily climate data from 1979 to 2003 were used 
to run the model, which was calibrated against measured water contents. 
Dispersion was assumed to be proportional to the water content (Eq. 3) and 
the dispersivity was set to 10 % of the depth of the soil profile.  
The soil sampling point was identified as a hotspot where, 1.7 g m
-2 of 
the active substance dichlobenil had been applied twice a year during the 
period 1980 to 1991. This corresponds to the maximum recommended 
application rate. It was assumed that the non-linear Freundlich sorption 
isotherm (Eq. 5) was applicable. The sorption and degradation coefficients of 
dichlobenil were initially set in accordance with the results of a Danish field 
study (Clausen et al., 2002), but were later calibrated to correlate with the 
measured concentrations of dichlobenil in the solid and dissolved phases. 
The final predictive simulation was run up to the year 2019 (Fig. 7a). 
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Figure 7. Soil profiles with simulated concentrations of dichlobenil from the years 1991, 2003, 
2011 and 2019 using the model parameters as described in Paper II (a), and after adjustments 
of sorption and degradation rates as described below in Paper III (b). Analyzed concentrations 
from 2003 are marked with an ‘x’, and those that fell below the detection limit are plotted at 
10 µg l
-1. 
a )                            b )    30 
2.3.3  Hydrogeological modeling at regional scale (Paper III) 
The objectives of this study were: (1) to model and identify significant 
processes that govern subsurface transport in extensive glaciofluvial and 
littoral sediments, while focusing on the contamination by BAM between 
Piparböle and Kulla; and (2) to design and test a remediation strategy and 
validate the results from the model. To evaluate the robustness of the 
model’s predictions, a sensitivity analysis was undertaken with respect to the 
physical and chemical parameters included in the model. 
Time-variant, subsurface flow and mass transport from the nursery’s soil 
surface to the extraction wells at Kulla were simulated with the coupled 
models  HYDRUS-1D,  MODFLOW (Harbaugh et al., 2000) and MT3DMS 
(Zheng & Wang, 1999). MODFLOW is currently the most commonly used 
distributed numerical model applied to three-dimensional groundwater flow 
problems. MT3DMS is designed to interface with the MODFLOW code and 
calculates the contaminant transport (Eq. 10). To calculate groundwater 
flow,  MODFLOW uses the finite difference method (FDM), where the 
derivative expressions of Eq. 9 are replaced by approximate, equivalent 
difference quotients. The model area is discretized by mutually 
perpendicular lines that may be variably spaced (Fig. 8a). In three 
dimensions the grid system consists of boxes, which may be of varying 
thickness. One grid cell can have one neighbor per side, and the finite 
differences are computed algebraically between neighboring cells, with the 
calculation base in the center of the cells. For each time-step MODFLOW 
computes the flow rates and the cumulative volume balances from each type 
of inflow and outflow. 
 
 
 
 
 
 
Figure 8. Examples of 
calculation grids using the finite-difference method (a), and the finite-element method (b). 
a )                 b )    31 
Since the point-scale model presented in Paper II was calibrated with data 
sampled at a hotspot, the vadose zone model was rerun in order to generate 
a correct mass-balance for the total nursery area. It was assumed that the 
minimum recommended application rate of 0.17 g  m
-2 had been applied 
twice a year between 1976 and 1983, and once a year between 1984 and 
1991. However, as the weed-killer has been applied to approximately 4 % of 
the total nursery area, and the soil has been repeatedly mixed over the years, 
the same amount of pesticide was assumed to have been spread over the 
total nursery area. In comparison with the model run in Paper II, this 
corresponds to a mean load of 0.0068 g m
-2, i.e. 4 % of 0.17 g m
-2. The 
computed BAM concentration that served as input to the groundwater model 
is shown in Fig. 9.  
 
 
 
Figure 9. Concentrations of BAM 
at the groundwater table of the 
nursery, as calculated with 
HYDRUS-1D (Paper III). 
In between the half-year-long time-steps, the discretized input of BAM 
concentration was assumed to follow a linear function. Overall, this means 
that 19 kg of the active substance, dichlobenil, had been applied to the total 
nursery area between 1976 and 1991. During the rerun process, the 
following minor adjustments of sorption and degradation rates were 
performed. It was assumed that the Langmuir sorption isotherm (Eq. 5) was 
applicable. The half-lives of degradation between depths of 0.34 and 0.90 m 
were adjusted from 220 to 350 days in order to achieve a better match 
between the observed and simulated concentrations in groundwater. For 
comparison with the model presented in Paper II, the effect that the 
changed parameters had on the simulated dichlobenil concentrations are 
shown in Fig. 7b. 
The model was also used to study the effect of mobile and immobile 
water. However, since the inclusion of these different waters did not 
improve the model performance, and would lead to over-parameterization, 
the two-domain approach was abandoned. 
For groundwater simulations, the model area (Fig. 2) was discretized into 
20 m quadratic grid cells, uniformly sized in plane view, but with varying   32 
thickness. The hydraulic conductivity was assumed to be isotropic and was 
assigned in zones whose extents were derived from the evaluation of 91 
borings, from ground-penetrating radar measurements, and by using prior 
geological knowledge of how the glaciofluvial sediments were deposited. 
Two material zones were identified in the vertical direction and the model 
was divided into two corresponding grid layers. Although the coarse grid 
resolution in the vertical direction triggers numerical dispersion, the poor 
spatially resolved observations of BAM did not justify any finer resolution 
being attempted. The bedrock surface defined the bottom elevation of the 
model, except in small areas where more silt or clay is deposited beneath 
more coarse-grained materials. All hydraulic conductivity zones were 
manually calibrated to obtain an adequate match between the observed and 
calculated hydraulic heads, as well as to maintain the water balance of the 
aquifer.  
Since the aquifer is unconfined at the extraction wells where the 
groundwater storage is mainly affected by pumping, the specific storativity 
(Eq. 9) was described by the specific yield. The specific yield was estimated 
from two pumping tests conducted in the study area (Fig. 2). The dispersion 
(Eq. 10) was calibrated with the least-squares method to optimize the 
correlation of the simulated with the observed concentrations of BAM in the 
groundwater at the nursery and at the extraction wells. 
A transient validation of the model was conducted using data from a 10-
day pumping test performed in the extraction wells at Kulla. The validation 
was also used to confirm that the mean of the specific yield, evaluated from 
the pumping test, was accurate. The calibrated model was then used to 
optimize the location, dimension and the number of new extraction wells 
needed for remediation purposes. Two new extraction wells were 
established at the nursery and a 7-day pumping test was conducted in order 
to validate the calibrated hydraulic conductivity values and the predicted 
BAM concentrations. The simulation started on 1
st January 1976 and the 
predictive simulation was run for 45 years until 31
st December 2020. 
2.3.4  Hydrogeological modeling at regional scale (Paper IV) 
The objective of this study was to combine the use of stable isotope data and 
distributed numerical modeling in order to identify the sources of extracted 
well water at Forslunda, and to optimize the management of the BAM-
contaminated drinking water aquifer. The hypothesis was that it should be 
possible to redirect the contaminant plume by adjusting the input flow from 
the infiltration ponds.    33 
To simulate transient, subsurface flow and mass transport from the 
nursery’s soil surface to the extraction wells at Forslunda, the vadose zone 
model HYDRUS-1D was coupled to FEFLOW (Diersch, 2009). FEFLOW, with 
its old version of the graphical user interface, has been reviewed by Trefry 
and Muffels (2007). The program uses finite-element analysis to solve the 
groundwater flow equation of both saturated (Eq. 9) and unsaturated 
conditions (Eq. 1), as well as mass (Eqs. 7 and 10) and heat transport, 
including fluid density effects and chemical kinetics for multi-component 
reaction systems. For calculations with the finite-element method, the PDEs 
are approximated by numerically stable, piecewise, continuous functions. 
The model area is usually discretized horizontally into triangular elements of 
varying size (Fig. 8b), but rectangular elements are also possible. In 3-D, 
layers of varying thickness can be defined. For each time-step the 
computations are executed on the element nodes and the flow equation is 
solved algebraically for the hydraulic head. 
Although FEFLOW can simulate unsaturated water-conditions, the same 
HYDRUS-1D model as described in Paper III was used for this process in 
order to save computation time. For the calculation of groundwater flow, 
the horizontal model area (Fig. 2) was discretized into triangular elements of 
varying size and thickness. In areas where mass transport was expected, the 
element length was no more than 20  m, i.e. less than four times the 
dispersivity. To avoid numerical dispersion and to get reasonable computing 
times in the transient model, a minimum distance of 5 m between element 
nodes was assigned around the wells. The hydraulic conductivity was 
assumed to be isotropic and was assigned to zones whose extents were 
derived from the evaluation of 142 borings and from ground-penetrating 
radar measurements. Vertically, two material zones were identified, but the 
upper layer was divided into two model layers in order to improve 
numerical accuracy in areas with large changes in hydraulic conductivity. 
The model was calibrated in stationary mode in order to obtain a 
sufficient match between the observed and calculated hydraulic heads. 
Validation was performed in transient mode with  time-variant hydraulic 
head data, the oxygen-18 isotope tracer information, and the BAM 
contamination data. The transient transport simulation was set to start on 1
st 
January 1976 and was run until 31
st December 2010. 
2.3.5  General assumptions 
Over a period of two years, daily observations of the hydraulic head from an 
observation well, located at the nursery, show that the difference between 
the maximum and minimum hydraulic head was 0.26 m with a standard   34 
deviation of 0.06 m (Fig. 10). The variation of groundwater head was small 
in comparison to the depth of the vadose zone, which is 9 to 10 m, and 
accordingly, it was reasonable to assume a constant depth of the vadose 
zone.  
At the nursery, no surface runoff was assumed because of the flatness and 
texture of the soil surface. Neither was lateral flow assumed, although 
preliminary evaluation of measurements of the stable isotope oxygen-18 in 
the soil profile, sampled at the nursery in 2003, indicated tilting soil layers 
(Paper II, conclusions). However, the final evaluation of the performed 
oxygen-18 measurements proposed that the results were biased by irrigation 
and the concept of tilting layers could not be justified. Comparison of soil 
water contents measured with the soil moisture probe in two different 
observation wells showed similar values at corresponding soil depths. 
Furthermore, the five soil profiles that were sampled in 2009 did not 
indicate any influence of tilting sand layers. 
Almost no clay particles were found, and sorption of dichlobenil to 
organic matter was described by the sorption coefficient of soil organic 
carbon (Eq. 6). This relationship has been found to be valid for dichlobenil 
as long as the total organic carbon content exceeds 1 g kg
-1 (Clausen et al., 
2004). Results from a field study on degradation of dichlobenil showed that 
sorption and desorption processes did not limit the degradation rate, 
probably in consequence of a fast desorption rate (Clausen et al., 2007). The 
desorption rate of dichlobenil was therefore assumed to be fast relative to the 
water flow rates, and kinetic desorption was neglected.  
 
 
 
 
Figure 10. Observations of 
groundwater level at the nursery. 
It has been found that different redox conditions do not affect the 
degradation of dichlobenil (Clausen et al., 2007). The same authors have 
proposed that the degradation of dichlobenil to BAM is a microbiologically 
mediated process (Fig. 3), which can be described by first-order kinetics 
(Eq.  8). Since the variability of temperature is reduced with soil depth 
temperature independence of degradation was assumed (Holden & Fierer,   35 
2005). Any effect that temperature can have on the degradation, mainly 
close to the soil surface, was thus assumed to be smoothed out through 
dispersion in the 10 m deep vadose zone. Further degradation of BAM has 
not been found under field conditions (Clausen et al., 2007).  
In many studies, it has been demonstrated that preferential flow can occur 
in sand, but many of these investigations have been conducted under un-
realistic field conditions. Flux is, indeed, applied in non-ponding conditions 
(Malone et al., 2004; Nilsson et al., 2001; Geiger & Durnford, 2000), but in 
general the irrigation rate is close to the saturated hydraulic conductivity 
causing pressure heads that do not normally occur. Typically, sand has a 
saturated hydraulic conductivity between 1×10
-5 m s
-1 and 1×10
-3 m s
-1, 
which corresponds to irrigation rates between 40 mm h
-1 and 4000 mm h
-1. 
For example, in Umeå, rain with an intensity of 20 mm per half an hour 
occurs once in ten years. Since sandy soils naturally contain a high number 
of large pores, they permit infiltration when exposed to heavy rainfall. Kjær 
et al. (2005) studied vadose zone processes and pesticide transport at various 
field sites and, over a two-year period, found no leakage  from the most 
coarse grained site. They concluded that one of the reasons must be a lack of 
macropores in the coarse, unstructured, sandy soil. Similar results were 
found by Brown et al. (2000), who studied the leaching of pesticides under 
field conditions in five contrasting soils. In accordance with the findings 
reported in the literature, macropore flow was not included in the models 
applied to the Piparböle site. 
The aquifer thickness at the nursery varies between 6 and 10 m, but the 
variation of the groundwater level is rather small (Fig. 10). A constant 
recharge to groundwater was therefore assumed.  
For sorption in groundwater, the linear Freundlich isotherm (Eq. 5) was 
applied, based on the organic carbon content (Eq. 6). Since only BAM was 
detected in our aquifer, and since only an insignificant degradation of 
dichlobenil and BAM has been observed in groundwater (Clausen et al., 
2007), only the transport of BAM was calculated (Eq. 10).  
The specific yield represents the pore space that is emptied when the 
groundwater table is lowered, e.g. by pumping. The kinematic porosity 
(Eq. 10), defined as the effective porosity in Paper I, was assumed to equal 
the specific yield, which in turn was calculated from two pumping tests 
conducted in the study area (Fig. 2). This assumption implies that the 
kinematic porosity was slightly underestimated, since also a part of the non-
drained volume fraction contributes to the flow.   36 
2.3.6  Specific properties of the applied distributed models 
The models used for groundwater modeling using the finite-difference 
(FDM) and the finite-element methods (FEM) were MODFLOW and FEFLOW, 
respectively. There are some important differences between these models. 
While the finite-difference grid is restricted to rectangular shapes, the finite-
element mesh is appropriate for more complex geometries. A FEM mesh 
allows local refinement around central parts of the model without the need 
to introduce an unnecessary level of resolution of peripheral areas (Fig. 8). In 
both approaches it is important that the cell size does not differ much from 
its nearest neighbor. However, in FEM, the mesh should be constructed with 
care in order to avoid the angles of the mesh triangles being too small or too 
large. Since the calculations in FEM are performed on the nodes, and not in 
the centre of the cells, layer properties in the vertical direction are 
amalgamated and hydraulic conductivity becomes a mixture of, for example, 
its values for sand and clay. This has a large influence on particle tracking 
and solute transport. Therefore, to obtain accurate velocities in models with 
a low-permeable layer, either above or below a high-permeable layer, it is 
necessary to subdivide the layer with low hydraulic conductivity into two 
model layers. 
In MODFLOW, the model grid is fixed. If a grid cell goes ‘dry’ because 
the groundwater table drops, the cell becomes inactive. Although a 
rewetting option is available, MODFLOW often encounters stability and 
convergence problems when the conditions are such that the groundwater 
table fluctuates across layer boundaries. In FEFLOW, the grid cells are allowed 
to go dry if phreatic settings are used, but it is also possible to adapt 
moveable mesh conditions in the vertical direction. Since FEFLOW can 
model unsaturated conditions, it can manage perched water conditions 
through the Richards equation (Eq. 1) or by scaling hydraulic conductivity 
according to the thickness of the saturated layer. In MODFLOW, time 
discretization must be specified beforehand, while in FEFLOW it is adaptively 
refined according to the time resolution of flows and the magnitude of 
derivative changes of hydraulic heads. Generally, the mathematical 
descriptions in FEFLOW are more closely connected to the physical processes 
that are being simulated, than they are in MODFLOW.   37 
3  Results 
3.1  Modeling results 
The concentrations of BAM in the Kulla extraction wells were calculated 
with the simple mass-balance model (Paper I) as well as with the transient, 
distributed model (Paper III). Specific model results and observed BAM 
concentrations are reported in the respective article (Papers I-IV). The 
calculated range of BAM concentrations, as given by the Monte-Carlo 
simulations, is shown in Fig. 11. Since the stationary model was based on 
observed  BAM concentrations at the nursery in 2003 the calculated 
concentrations correspond to this year. The most probable value was 
0.2 µg l
-1, with 50 % of the BAM concentrations exceeding 0.6 µg l
-1. With 
the distributed model the BAM concentrations were calculated for both 
stationary and time-variant groundwater flow (Fig. 12). In comparison with 
the observed BAM concentrations, the mass-balance model generally over-
predicted the concentration, while the transient result of the distributed 
model gave a correlation coefficient between 0.40 and 0.61, dependent on 
which of the two extraction wells the samples were assumed to be taken 
from (Paper III).  
 
Figure 11. Predicted BAM concentra-
tions in the Kulla extraction well 
calculated with Monte Carlo 
simulations (Paper I). The accuracy of 
the data points is 0.1 µg l
-1. All 
proportions sum to 1.0. In the plot, 
840 of a total of 10  000 calculations 
are outside the visible range.   38 
Figure 12. BAM concentration in 
the western extraction well at 
Kulla, simulated at constant and 
transient extraction rates (Paper 
III). The transient extraction rate 
varied between 0 and 65 l s
-1. 
The constant extraction rate was 
44 l s
-1, which corresponded to 
the transient rate from February 
2009. The black bar at the top of 
the graph indicates that the two 
wells were running; the white 
bar indicates that they were 
closed. The European drinking water standard is 0.1 µg l
-1 for pesticides.  
The calculated median transit times for BAM and water were all similar 
within the vadose zone, but differed in the groundwater zone where they 
were 1.6 (water) to 1.7 (BAM) times longer in the distributed models 
compared with the mass-balance model (Table 5). The similarity of transit 
times for BAM and water in the vadose zone is probably a consequence of 
the thickness of the zone, which results in a transit time for water of four 
years. In the two models this means that the different time resolution of the 
infiltration rates has only a small effect on transit times.  
Table 5. Median transit times for BAM and water from the soil surface at the tree nursery, through the 
vadose zone to: the groundwater table; the extraction wells at Kulla; and the extraction wells at 
Forslunda. The calculated values come from the simple mass-balance model (Paper I) and from the 
distributed models (Papers II, III and IV). 
BAM – transit time (y)  Water – transit time (y)  From soil surface at 
nursery to… 
Mass-balance 
model 
Distributed 
model 
Mass-balance 
model 
Distributed 
model 
Groundwater 6.9  7.2  3.9  4.3 
Kulla 9.9  12.3  5.7  7.2 
Forslunda -  15.6  -  9.1 
In groundwater, the difference in calculated transit times for BAM and water 
can be explained by differences in the resolution of hydraulic conductivity 
and differences in aquifer thickness. In particular, the thin layers of silt that 
partly cover the esker were not included in the mass-balance model.  
The simulation results indicated a total transit time for BAM to the 
extraction wells at Forslunda, which is located 4.5 km south of the nursery 
(Fig. 2), of about 16 years. Although the distance between the nursery and   39 
Kulla is only half of that between Kulla and Forslunda, the transit times for 
BAM and water were about 50 % longer. In general, the results show that the 
effect of sorption, which holds back the movement of BAM in the aquifer, 
corresponds to a retardation factor of about 1.7; (for comparison, the 
retardation factor of DDT it is 40 000). 
Concentrations of BAM in the well chain at Forslunda were only 
computed with the distributed model. The results of this model approach, 
validated with oxygen-18 data (Paper IV), demonstrated that managing the 
infiltration ponds did affect the proportions of different water sources in the 
extraction wells at Forslunda, which in turn have affected the observed BAM 
concentrations. The calculated BAM concentrations in the second well, 
counted from east (Fig. 2), are plotted in Fig. 13 for three scenarios that 
were run from February 2007: 
a)  simulation corresponding to actual conditions with a varying 
infiltration rate via the ponds and a constant extraction rate of 44 l s
-1 
in the Kulla wells 
b) a constant infiltration rate via the ponds of 180 l s
-1 and extraction at 
Kulla of 44 l s
-1 
c)  a constant infiltration rate via the ponds of 180 l s
-1 and no extraction 
at Kulla after May 2007 
 
Figure 13. Observed BAM con-
centrations and the simulation 
results of three modeled 
scenarios at extraction well 2 
(counted from east) in the well 
chain at Forslunda. The Euro-
pean drinking water standard is 
set to 0.1 µg l
-1 for pesticides. 
The simulation with varying 
pumping rate to the ponds, 
which corresponds to the 
normal simulation, is indicated 
with arrows and text. In the 
scenario with no extraction at 
the Kulla wells the pumping rate was stopped after May 2007. The results were calculated 
with the model presented in Paper IV. 
For all scenarios it can be seen that despite the infiltration rate via the ponds 
being constant, the BAM concentrations increased in 2009. If scenarios (b) 
and (c) are compared, the impact of the northern wells becomes evident in 
2009 and 2010. Under scenario (b), the BAM concentration started to   40 
decrease at the beginning of 2010, while under scenario (c) it continued to 
increase. Moreover, if the two scenarios are compared before the BAM 
concentration began to decrease in scenario (b), it is evident that the 
difference in concentrations increased. This indicates that the management 
of the infiltration ponds has not been the only source of impact, but that the 
management of the extraction wells at Kulla has also had a significant effect 
on the BAM concentrations observed in the well chain.  
If the conditions are changed either at the ponds or at the Kulla 
extraction wells, a difference in delay time becomes apparent until the effect 
on the contaminant plume is visible at the well chain. While the median 
transit time between the extraction wells at Kulla and Forslunda is approxi-
mately forty months (Table 5), the oxygen-18 data and the simulation results 
(Paper IV) show that the transit time between the infiltration ponds and the 
extraction wells at Forslunda is only two to five months. During two periods 
over the last decade, the Kulla wells were closed (white bars at top of 
Fig. 12): first, from March 2001 to March 2004; then from August 2005 to 
May 2007. This indicates that the first closure had an effect until July 2007, 
and the second closure had an effect that lasted until between December 
2008 and September 2010. This appears to be consistent with the varying 
BAM concentrations that prevailed under scenario (a), which simulated the 
actual conditions, as well as being consistent with the observed BAM 
concentrations (Fig. 4 in Paper IV). If scenarios (b) and (c) are compared, 
the no-extraction scenario would have its full effect, following the same 
reasoning, after forty months, which was in September 2010. The effect of 
no extraction first became evident in February 2009, which was 21 months 
after the wells were stopped, after which the effect intensified until the end 
of the simulation in December 2010. 
3.2  Model uncertainties 
The sensitivity analysis that was undertaken with respect to the physical and 
chemical parameters included in the simple mass-balance model and in the 
distributed model gave varying results (Table 6). The mass-balance model 
was sensitive both to parameter uncertainty and to the effect that a 
parameter has on the model outcome, whereas the sensitivity of the 
distributed model only were affected by the latter.  
While the saturated hydraulic conductivity and the infiltration rate were 
the most sensitive parameters in the distributed model, the dilution factor 
due to regional groundwater flow, and the weight fraction of soil organic 
carbon were found to be the most sensitive parameters in the mass-balance   41 
model. To some extent, the dilution factor represents those physical 
properties derived from hydraulic conductivity and infiltration rate in the 
distributed model; but the two model approaches still differ.  
Table 6. Results of the sensitivity analysis for the concentration of BAM in the Kulla extraction wells 
calculated with the simple mass-balance model and the distributed model. The sensitivities are expressed 
as percentages of the contribution to the total model uncertainty. 
Sensitivity  Mass-balance model  Distributed model 
Highest  Dilution factor due to regional 
groundwater flow (53 %) 
Hydraulic conductivity in 
groundwater zone (27 %) 
Second highest  Weight fraction of soil organic 
carbon (31 %) 
Infiltration rate (20 %) 
Third highest  Sorption coefficient of soil 
organic carbon for BAM (8 %) 
Tortuosity factor (8 %) 
In the distributed model, there are several chemical parameters that account 
for the sorption and degradation of dichlobenil and BAM in the vadose and 
groundwater zones. This influences the sensitivity analysis since these related 
parameters effectively prevent each other from being allocated a high 
sensitivity score, whereas a single parameter, such as the weight fraction of 
soil organic carbon in the mass-balance model, is not prevented from 
receiving a high sensitivity score. Nevertheless, the influence from sorption 
in the mass-balance model was higher than the total influence from sorption 
and degradation in the distributed model. In the distributed model it was 
instead physical parameters, many of them van Genuchten-Mualem 
parameters (Eq. 2), that accounted for the high sensitivity scores.  
To summarize, the three most sensitive parameters accounted for 92 % of 
the model uncertainty in the mass-balance model, while they accounted for 
55 % in the distributed model. Except for the tortuosity factor there were 
additional five parameters in the distributed model that accounted for an 
almost equivalent degree (6 to 8 %) of model uncertainty (Table 4 in Paper 
III). 
The effect of various extraction rates on the observed BAM 
concentrations can be interpreted from Fig. 12. The extraction rate varied 
between 0 and 65 l s
-1 and, when the pump was stopped, the simulated BAM 
concentration increased due to a decreased dilution of non-contaminated 
water. As is apparent from the BAM concentrations, the extraction rate from 
the transient simulation was usually smaller than the corresponding rate from 
the stationary simulation, which was 44 l s
-1. The effect on the simulated 
BAM concentrations is significant and is comparable with the mass-balance 
model, where the dilution factor due to regional groundwater flow was   42 
found to be the most important parameter for predicting the BAM 
concentration in the extraction wells.  
The uncertainty of the transit-time calculations, given by the Monte-
Carlo simulations, from the soil surface at the nursery to the Kulla extraction 
wells is displayed in Fig. 14. The highest probable transit time was 8 years, 
but in 50 % of the calculations the transit time exceeded 10  years. The 
skewness of these results derives from a number of parameters, such as the 
saturated hydraulic conductivity and the weight fraction of soil organic 
carbon, that were assumed to conform to a log-normal distribution. If a 
95 % confidence interval is constructed from the results, the limits would be 
5.3 to 22.6 years.  
 
Figure 14. Predicted transit times 
of BAM in the Kulla extraction 
well calculated with Monte 
Carlo simulations (Paper I). The 
accuracy of the data points is 
0.25 years. All proportions sum 
to 1.0. In the plot, 59 of a total 
of 10 000 calculations are out-
side the visible range. 
From the calculated range of BAM concentrations in the Kulla wells 
(Fig. 11), the upper and the lower limits of the 95 % confidence intervals 
differed by a factor of 320. Compared with the difference for transit times, 
which was only fourfold, this clearly shows how the calculated 
concentrations were significantly more uncertain. The level of uncertainty 
surrounding the distributed models’ results was decreased through validation 
with data from pumping tests, hydraulic head measurements, analyzed BAM 
concentrations, and the analyses of the stable isotope oxygen-18. The 
uncertainty was quantified as the 95 % confidence limit of 0.080 µg l
-1, 
which was derived from the standard deviation of the residuals of the 
observed and simulated concentrations at the Kulla extraction wells. This is 
significantly lower than the calculated uncertainty of concentrations in the 
mass-balance model.    43 
4  Discussion 
4.1  Modeling results 
The results were received from a glaciofluvial esker aquifer contaminated by 
the aqueous phase liquid BAM. Dependent on model approach, the 
calculated median transit times for BAM from the source at the soil surface to 
the extraction wells at Kulla, located about 1.5 km down-gradient from the 
source, were 10 to 12 years. With the distributed model approach, the 
corresponding transit time to the extraction wells at Forslunda, located about 
4.5 km down-gradient from the source, were about 16 years. In a simulation 
with the distributed model it was predicted that, due to natural attenuation, 
the BAM concentration in the Kulla wells will fall below the drinking water 
standard in 2019. 
In glaciofluvial material the hydraulic conductivity is high, which might 
constrain the effect of dispersion in comparison with the effect of advection. 
The results of this study showed a limited lateral dispersal of the contaminant 
BAM, as it moves from the source in littoral sand to the glaciofluvial esker, 
which has a comparatively coarser texture and higher hydraulic 
conductivity. The front of the contaminant plume was actually narrowed as 
it reached the esker (Fig. 11 in Paper III), and the plume was found to 
follow the border of the esker and move directly to the extraction wells at 
Kulla. The limited lateral dispersal in the esker probably explains why the 
highly water soluble degradation product BAM can migrate in high 
concentrations over considerable distances. The substance was able to 
contaminate the groundwater extraction wells at Forslunda at levels that 
exceed the European drinking water standard for pesticides. The situation 
would have been worse if not the aquifer was reinforced by artificial 
recharge, and the contaminant plume was diluted by regional groundwater   44 
flow. Furthermore, according to former employees at the nursery, the 
herbicide Totex was expensive and therefore modestly used. Despite this it 
was, however, enough to contaminate an aquifer holding large groundwater 
quantities.  
In the literature there are many reported findings of BAM in 
groundwater, but to my knowledge there are few previous studies published 
in the peer-reviewed literature on its movement including both the vadose 
and groundwater zones, particularly in glaciofluvial settings.  
For esker material, a modeling study has been conducted to the Honkala 
aquifer in Finland (Artimo, 2002). In analogy with Papers III and IV, 
Artimo applied a distributed model at regional scale and the contaminant 
plume had similar extent in length. Compared to the models in Papers III 
and IV, Artimo used longitudinal dispersivities that were 8 to 10 times 
larger, and transverse dispersivities that were 40 to 50 times larger. 
However, the Honkala aquifer was contaminated by the dense non-aqueous 
phase liquid tetrachloroethylene, and the vadose zone was not included in 
the modeling, which makes further comparisons difficult.  
Similar to the approach adopted in Paper III, van der Grift and Griffioen 
(2008) performed a coupling of HYDRUS-1D to MODFLOW and MT3DMS. 
They applied their model to sandy sediments at regional scale, but focused 
on atmospheric deposition of heavy metals. In comparison to point sources 
located at the ground surface, pollution from atmospheric deposition 
commonly generates more diffuse and less bordered contaminant plumes. 
Although the results by van der Grift and Griffioen (2008) are not fully 
comparable to the ones received here they performed both historic and 
predictive modeling, and a sensitivity analysis showed that their model 
results were most sensitive to sorption parameters. In the model in Paper III 
it was the hydraulic conductivity in the groundwater zone that received the 
highest sensitivity score, while the total influence from the sorption 
parameters accounted for the third highest sensitivity score (Table 4 in 
Paper III). 
Verma et al. (2009) presented a fuzzy set theory, similar to the Monte-
Carlo simulations performed in Paper I, to model transport of the pesticide 
endosulfan. They included the degradation rate, but focused only on the 
vadose zone and applied the model on a soil profile with layers of clay, silty 
loam and loam.  
The breakthrough curve of BAM became wide. Similar results have been 
obtained in previous studies on pesticide leaching in unstructured soils 
(Kjaer et al., 2005; Brown et al., 2000). This helps to explain why the BAM   45 
contaminant was predicted to feed into groundwater at levels that may 
exceed the drinking water standard at the Kulla extraction wells until 2019.  
However, the observed and simulated concentrations were not perfectly 
matched. Reasons can be both that all significant transport processes were 
not fully understood and included in the model, and that the quality of the 
analyzed  BAM samples in groundwater varies. In particular, the sampling 
quality may vary in those samples that were collected earlier than 2007 
(Paper  III). In the vadose zone the dispersion process may be better 
determined. For example, it is not evident whether fingered flow can be a 
significant process at infiltration rates that normally occur at this site (Selker 
et al., 1992). However, in this study there was no empirical data motivating 
the concept of fingered flow. In the groundwater models, the heterogeneous 
properties of glaciofluvial material were not included. The variability of 
hydraulic conductivity may more or less influence the pathways of 
contaminant transport. If the variability is high, the assumption of 
homogeneous zones within the aquifer might have overestimated the 
predicted remediation efficiency (Maji & Sudicky, 2008; Rauber et al., 
1998). To evaluate the importance of dispersion in the vadose zone and 
variability of hydraulic conductivity in the esker further investigations are 
needed.  
4.2  Remediation strategies 
The effect of the following three remediation strategies on the contaminant 
plume was evaluated in the enclosed papers: 
(1)  the removal of contaminated water through extraction wells installed 
close to or within the nursery field 
(2)  the use of the existing extraction wells at Kulla to remove 
contaminated water 
(3)  to increase the infiltration rate via the ponds in order to redirect and 
dilute the contaminant plume 
4.2.1  The contaminant source 
The first strategy, (1), illustrated in Paper III, involved optimizing the 
location of remediation wells. The hypothesis was that having the 
remediation wells located as close as possible to the contaminant source 
would speed up the remediation process. Two wells were established at 
locations where the model predicted the efficient removal of the BAM-
contamination (Fig. 2). The results of a 7-day pumping test conducted in 
the respective wells, showed the conditions for water extraction to be good:   46 
i) at the depth where the 2 m screened wells were established, the results 
indicated that it would be possible to extract more water than supplied by 
the catchment area; and ii) the BAM concentrations in analyzed samples 
corresponded with those predicted by the model. In a worst-case scenario it 
was assumed that the model underestimates the true BAM concentration with 
0.095 µg l
-1 at the extraction wells in Kulla. With the remediation wells, the 
worst-case scenario predicted that the extraction wells at Kulla would be 
clean in four years. The same scenario, but without the remediation wells, 
predicted the extraction wells to be clean in nine years (2019).  
There are, however, alternative remediation strategies that can be 
implemented close to the source in order to hinder, modify or remove the 
contaminant. From the results of the mass-balance model (Paper I), it 
follows that the application of a carbon source, such as milled peat, spread 
and plowed over the open land area of the contaminated nursery field would 
increase the soil sorption capacity, and thus have a significant influence on 
the transport of BAM to groundwater. Compared with sand, peat has a much 
greater water-holding capacity that would further speed up the establishment 
of vegetation, which would in turn increase evaporation and decrease the 
infiltration rate. Other possible methods might include covering the area 
with, e.g. a sheet of ethylene-propylene rubber in order to stop infiltration; 
installing a continuous, permeable, reactive barrier across the contaminant 
plume where it moves from the nursery field in order to boost degradation, 
through zero-valent iron, or sorption with activated carbon; or to excavate 
the vadose zone. However, government authorities would probably be 
reluctant to implement these remediation techniques, since the area is 
located within the proposed primary water protection zone, and it might be 
problematic to control their long-term function. There are also little 
empirical evidence related to the in situ treatment effects of active barriers 
under field conditions (Thiruverikatachari et al., 2008).  
4.2.2  The recipients 
Even if the spreading from the contaminant source were removed, it would 
still be necessary to continue with actions (2) and (3) above as temporary 
measures, because of the contamination of the groundwater between the 
nursery and the extraction wells. BAM-contaminated water from the two 
extraction wells at Kulla has been pumped and released down-gradient to 
the stream Kullabäcken, about 1 km east of the well chain, since May 2007 
(Fig. 2). Because the Kulla wells are situated 1.5 km down-gradient from the 
contaminant source, this has not been an effective way to remediate the area. 
An alternative would be to install a carbon filter at the water supply, but   47 
given the large volume of production, the initial investment and subsequent 
running costs would be substantial.  
Both actions (2) and (3) had a significant effect on the BAM 
concentrations found in the well chain. However, the two actions work 
counter to the water balance. The Kulla wells can work as remediation 
wells, but as this water is contaminated it cannot be used in the production 
of drinking water. To balance the extracted groundwater, the artificial 
recharge via the ponds must increase by an equivalent amount, which would 
have the effect of redirecting the contaminant plume. However, increasing 
the load of river water into the ponds would mean increased clogging of the 
infiltrating surface due to physical, biological and chemical processes. This 
clogging would reduce the infiltration capacity of the ponds, which would 
then require cleaning up more frequently. It might therefore be advisable to 
decrease the extraction rate of the Kulla wells, although not close them, so 
that the load on the infiltration ponds could be reduced.  
At Kulla it is important to consider the dilution factor due to regional 
groundwater flow, as the same amount of contaminant could be removed 
although the extraction rate would be decreased. Because of the water 
balance effect, a decreased extraction rate also means that the energy 
consumption for pumping would be reduced at both the Kulla wells and the 
infiltration ponds. Under the current management situation, where the 
extraction rate at the Kulla wells is about 44 l s
-1, the modeled scenarios 
suggest that a constant infiltration rate to the ponds of 220 l s
-1 would be 
sufficient to avoid the drinking water standard of 0.1 µg l
-1 being exceeded 
(Paper IV).  
In any future scenario of contamination of the aquifer, it will be 
important to observe the difference in time delay between the demonstrated 
remediation strategies and any of the resulting effects. The infiltration ponds 
are suitable for implementing short-term remedial actions in response to, for 
example, accidents resulting in sudden loads of contaminants, which might 
follow from a truck accident on the road to the west of the infiltration 
ponds, or from an accident at the existing asphalt industry located to the 
north of the ponds. In these cases an increased infiltration rate would both 
dilute and redirect the groundwater contamination. The northern extraction 
wells are, nevertheless, suitable for long-term scenarios in which 
contaminants remain in the aquifer for many years, as is the current 
situation.   48 
4.3  Modeling approaches 
Different model approaches were adapted to simulate the significant 
processes involved in the subsurface flow and transport of an aqueous-phase-
liquid in glaciofluvial and littoral sediments. The model approaches 
examined in the present study are expected to be relevant to other, similar 
settings that are or have been contaminated. However, if the vadose zone 
should consist of structured soils it will probably be necessary to include 
macropore flow. Macropore flow is, though, a process possible to simulate 
with the distributed model tools used. 
A pre-requisite for reliable model output is good quality of empirical 
input data and a valid underlying conceptual model. However, if there is a 
lack of field data or capital to set up a distributed numerical model, the 
simple mass-balance model approach (Paper I) would be the preferred 
option. It offers the possibility of using a range of values rather than a single 
value, which is usually chosen to represent the worst-case, and provides 
more reliable first estimates of transit time and contaminant concentrations. 
The mass-balance model also provides an indication of the uncertainty of 
the result with the most sensitive parameters being made apparent. Although 
the conditions for dispersal may be ambiguous, the model results indicate 
which field data should be collected in order to reduce model uncertainty 
and to improve the precision of new model calculations. 
However, for the best predictions, especially of degrading contaminants, 
a transient model is necessary. Dynamic runs were not possible with the 
mass-balance model adopted, and for transient processes it is preferable to 
use a distributed numerical model. A distributed model can improve the 
precision of the calculations and is superior when, for example, the hydraulic 
conductivity varies significantly laterally and with depth within a study area. 
Without necessarily having to calibrate such models, they can also provide a 
framework with which the conditions and dynamic processes important to 
improving the interpretation of a study area can be examined. Distributed 
models enhance the evaluation of a site, especially since they can be used to 
make predictions concerning the consequences of proposed actions, to 
simulate remediation scenarios, and to study the effects of changing 
management or climate change. Moreover, predicted contour maps showing 
contaminant concentrations over time will constitute important information 
in communications with authorities, managers and the public. Such contour 
maps are easy to produce with a grid-based model. However, the 
confidence of the model predictions depends on the results of the 
calibration, sensitivity analysis, and model validation with independent data. 
For example, in Paper IV, independent data were available from the analysis   49 
of the stable isotope oxygen-18, which is useful when different water 
sources are present, but data from measurements of hydraulic heads and BAM 
concentrations were also available. In Paper IV, the hydraulic head data did 
validate the model behavior as long as the total water balance varied within 
reasonable bounds. A feature of the distributed model was that many of the 
parameters used proved to be nearly identical in the influence they had on 
model uncertainty (Paper III). 
Although transient conditions are crucial when evaluating the progress of 
contaminant concentrations at a specific point, a distributed model with 
stationary flow can produce reasonable estimates. In the example from the 
Kulla extraction well (Fig. 12) the plot with constant pumping rate did 
provide an adequate estimate, although the plot with dynamic pumping 
conditions did give a better prediction (Paper III).  
The applicability of the two model approaches is summarized in Table 7. 
Both model tools were intended to be used at contaminated sites classified as 
being a high or very high risk. In general this implies that there are sensitive 
recipients, for example an extraction well used to supply drinking water, at 
high risk of being contaminated. In the decision of what model tool to use it 
will be a question of considering data quality, funding, the need to predict 
consequences of proposed actions, and public requirements such as generic 
guidelines and drinking water standards. At the investigated Piparböle site 
the distributed model approach proved to be the best alternative, since there 
was a need to predict consequences of different remediation strategies, and 
the proximity to the drinking water aquifer required accurate calculations. 
Table 7. The applicability of the simple mass-balance model approach run with Monte Carlo 
simulations, and the distributed model approach. 
Simple mass-balance model  Distributed model 
Stationary processes  Time-variant processes, e.g. a degrading 
contaminant 
High conditions for dispersal  Very high conditions for dispersal 
To obtain reliable estimates of transit time, 
not only worst-case calculations 
Can simulate transport processes more 
accurately 
To obtain first estimates of concentrations  To obtain concentration calculations at 
specific points 
Preferable if data quality is insufficient  Requires dense field data 
Indicates the most uncertain data for further 
sampling and improved precision of 
calculations 
Predictions are possible, but the accuracy 
depends on the extent to which the model is 
validated 
Reflects the uncertainty of the parameters  Evaluation of remediation strategies 
Less expensive than a distributed model     50 
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5  Conclusions 
The field investigations and subsurface modeling revealed two methods that 
could be used to remediate the aquifer so that it would meet the drinking 
water standard. The first method was to redirect the contaminant plume via 
two infiltration ponds by increasing the artificial recharge rate. The second 
method was to use extraction wells to pump out, and hence remove the 
contaminant plume. For the latter method, one possibility was to use two 
up-gradient extraction wells, which have been normally used as producers of 
drinking water. It was found essential to combine these methods in order: i) 
to avoid clogging of the infiltration ponds by fine sediments from surface 
water; and ii) to balance the water budget of the aquifer. However, since the 
water in the two up-gradient wells is of good quality, except for the current 
contamination, it would be desirable to reinstate these wells into production 
as soon as possible. To reduce the attenuation time for the contaminant 
concentration in order to meet the drinking water standard at these wells, it 
was found that remediation wells could be established close to the 
contaminant source where conditions were suitable for groundwater 
extraction. 
The model tools presented here were applied to an aquifer consisting of 
extensive glaciofluvial sediments. The simple mass-balance approach was 
found to help in generating reliable first estimates of the transit time, 
especially when the data quality is insufficient. In this case, the simple mass-
balance model reflects the uncertainty of the result, and the sensitivity 
analysis indicates what further field data need to be collected in order to 
improve the precision of the calculations. However, if the contaminant 
transport needs to be calculated more accurately, the distributed numerical 
model should be used. To strengthen the credibility of such a model, the 
output should be validated with  independent data from various sources, 
which in the present study was stable isotope oxygen-18 data, data on the   52 
BAM contamination and time-variant hydraulic head data. The overall 
findings are expected to be relevant to many other sites in similar settings.   53 
6  Future research needs 
Further development of the distributed model approach requires additional 
field data in order to improve the quantification of the dispersion process in 
deep, sandy vadose zones. One way of achieving this would be to inject 
deuterium enriched water into the soil surface at the nursery and to sample 
the soil at various depths after a determined time interval. Vacuum 
extraction could then be used to extract soil pore water in order to analyze 
its isotopic composition at various depths. 
Future research should also focus on characterizing the variability of 
hydraulic conductivity and its effect on contaminant transport in eskers. This 
is a delicate problem since esker aquifers are often used to supply drinking 
water, and because the restrictions imposed by the necessity of protecting 
water sources often make the field experiments for such work problematic. 
However, knowledge of the heterogeneous properties is important since it 
might influence the required time period for a proposed remediation action. 
To develop the site-specific model further, the extent of the depth and 
width of the low-permeable soil layer located north of the well chain at 
Forslunda must be determined. This soil consists partly of sulfide clay, which 
could be a source of other contaminants, such as nickel. The concentration 
of nickel has exceeded the Swedish drinking water standard (20 µg l
-1) in 
fifteen out of the twenty extraction wells. The explanatory hypothesis is that 
the bottom of the sulfide clay layer is located close to the groundwater table 
where the nickel, which bonds to sulfides under anaerobic conditions, is 
dissolved when the groundwater table sinks, i.e. where oxidizing conditions 
occur. If the conditions that cause the unwanted nickel concentrations are 
clarified, the management of the aquifer supplying drinking water could be 
further optimized.   54 
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synpunkter i arbetet. Däremellan har du kryddat tillvaron med underfundiga 
skämt.  
På FOI har jag också fått hjälp av Jan Burman och Jeff Lewis. Tack för era 
värdefulla synpunkter och inspel i modelleringsarbetet! 
Personal på Umeva, det kommunala vatten- och avfallsbolaget i Umeå, 
har hjälpt mig med information och arkivsökning. Tack! 
Tack till Susanne Rutqvist och Kristina Frech som hjälpte mig med 
kemiska analyser i tidig fas av projektet. Susanne gjorde också sitt 
examensarbete utifrån data från Piparböle, vilket var till hjälp i mitt arbete. 
Jag tackar mina föräldrar, Maj-Lis och Lars, och min bror, Magnus, som 
på olika sätt inspirerat mig till att nå hit. Tyvärr bor vi numera lite långt från 
varandra, men jag har i alla fall slutat att flytta 60 mil vart 5:e år. 
Hanna, min livskamrat och stora kärlek, din familj och vänner har ställt 
upp mycket senaste tiden för att ge mig mer skrivtid än vad som annars varit 
möjligt. Tack alla för att ni underlättade tillvaron! 
Vägen har varit lång men många härliga ögonblick har passerat. Det allra 
viktigaste har dock skett utanför doktorandarbetet. Tillsammans med Hanna, 
min fru, har jag fått två fantastiska tjejer som sprutar av glädje och energi. 
Tack Hanna för att du stöttat och ställt upp alla dagar i veckan så att jag 
kunde slutföra detta arbete. Du hjälpte också till med de inledande 
fältförsöken – allt för att vi skulle få mer tid tillsammans. Maj och Signe, 
mina älsklingar, ni har fått mig att leva i nuet och tänka på mera jordnära 
saker under min lediga tid. Nu ska jag ge tillbaka av energi och glädje till er! 
 
 